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Abstract

1.

Environmental DNA (eDNA) is becoming an essential tool for detecting aquatic in-
vasive species and investigating their spread. Surprisingly, this technique has been
very rarely used to investigate habitat selection, site occupancy, and colonisation

despite its higher capacity to detect many species.

. The African clawed frog (Xenopus laevis) is a principally aquatic amphibian intro-

duced in several continents from South Africa. In western France, no recent sys-
tematic survey of the invasion range has been attempted, mainly because of the
elusive nature of the species. Furthermore, the influence of landscape features on
invasion has never been investigated, even if adults and juveniles are known to

disperse overland and along river networks.

. Using presence-absence data generated by an eDNA survey conducted across

the known invasion front of X. laevis in western France, we aimed to determine
whether and how the landscape features surrounding a pond influence the prob-

ability that a pond is colonised.

. Xenopus laevis was detected well beyond the formerly known invasive distribution

and at the outward end of some transects, suggesting that we did not reach the
actual invasion front in these parts of the range. The landscape variables that best
predicted the presence of X. laevis in a pond were topographic wetness index and
grass cover within a buffer of 250 m.

. Higher values of both topographic wetness index and grass cover were negatively

related to the occurrence probability. The effects of these two variables more

likely to reflect dispersal behaviour than habitat preferences at the pond scale.

. By combining the high detection probability of eDNA survey techniques and a

landscape ecology approach, we may gain valuable insight into the colonisation
process of water bodies by elusive invasive species. Such information is crucial
to prevent access to specific sites and locate invasion front areas where con-
nectivity can be disrupted, thus increasing the effectiveness of management

countermeasures.
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1 | INTRODUCTION

The ongoing increase in the number of alien invasive species world-
wide (Seebens et al., 2017) requires more effective detection tech-
niques (Trebitz et al., 2017). Environmental DNA (eDNA) has been
recently advocated as a powerful means to detect aquatic invasive
species (Goldberg et al., 2016). This technique, based on identifying
species-specific fragments of DNA in the water of their aquatic habi-
tats, allows detection of target species even at low densities, a partic-
ularly desirable characteristic to locate invasion fronts (Jerde, Mahon,
Chadderton, & Lodge, 2011). When compared to classic methods such
as visual or trapping surveys, eDNA may also exhibit a higher detection
probability, especially in case of elusive species or juvenile life stages
(Biggs et al., 2015; Bohmann et al., 2014; Thomsen & Willerslev,
2015). When costs of developing probes/primers and processing sam-
ples are low, eDNA is also significantly more cost-efficient than trap-
ping or electro-fishing techniques (Dejean et al., 2012; Evans, Shirey,
Wieringa, Mahon, & Lamberti, 2017; Smart et al., 2016). Additionally,
collection of water samples minimises habitat disturbance and avoid
stress on native non-target species (Bohmann et al., 2014).

The benefits of using eDNA go beyond merely detecting target spe-
cies. Environmental DNA surveys have been used to estimate population
density and biomass (Buxton, Groombridge, Zakaria, & Griffiths, 2017
Goldberg et al., 2016; Smart, Tingley, Weeks, Van Rooyen, & Mccarthy,
2015; Takahara, Minamoto, Yamanaka, Doi, & Kawabata, 2012), moni-
tor temporal and spatial changes in species distribution and biodiversity
(Bista et al., 2017; Deiner, Fronhofer, Machler, Walser, & Altermatt, 2016;
Pansu et al., 2015; Thomsen & Willerslev, 2015; Yoccoz, 2012), or vali-
date species distribution models (Muha, Rodriguez-Rey, Rolla, & Tricarico,
2017; Neto, 2018). More recently, this technique has been used to
identify environmental and habitat predictors of species occurrence at
different spatial scales (Collins, 2017; Pitt et al., 2017), and investigate
the loss of habitat connectivity for fishes in dammed rivers (Yamanaka
& Minamoto, 2016). Unlike river systems, ponds are discrete aquatic
habitats that can often be reached only by aerial flights or terrestrial dis-
placement. The spatial distribution of habitat patches and the features of
the matrix determine the colonisation probability at the site scale (Hanski
& Ovaskainen, 2003; Ray, Lehmann, & Joly, 2002; Rudnick et al., 2012),
and connectivity at the landscape scale. For organisms dispersing on land
like amphibians, the ground substrate may affect the colonisation pro-
cess by altering locomotor performance or predation risk (Nowakowski,
Veiman-Echeverria, Kurz, & Donnelly, 2015; Stevens, Polus, Wesselingh,
Schtickzelle, & Baguette, 2004). Because of their capacity to detect spe-
cies at low densities (Dejean et al., 2012), eDNA surveys are of high in-
terest to investigate site occupancy, especially for taxa in which overland
movements are difficult to investigate. The lack of eDNA-based studies
that aimed to identify landscape predictors of population occupancy and
colonisation is surprising, considering the potential insight into freshwa-
ter ecosystems this approach can provide (Pitt et al., 2017).

Using occurrence data from an eDNA survey, we tested the effect
of landscape features on the probability of colonising a new pond by
an invasive amphibian, and identified predictors that enhance the risk
of colonisation during expansion. Beyond our case study, we highlight

the potential of this approach for the study of site occupancy in fresh-
water species. The taxonomic scope is large as both organisms living
in discrete lentic habitats such as ponds, and organisms living in lotic
habitats that disperse overland across the landscape can be surveyed
(Chaput-Bardy, Lemaire, Picard, & Secondi, 2008).

The African clawed frog Xenopus laevis (Pipidae) is native to
southern Africa and invasive in North and South America, Europe,
and Asia (Measey et al., 2012). It is considered as one of the most
detrimental invasive amphibians in the world (Measey et al., 2016).
Translocation and release of this frog in areas well outside the na-
tive range have been attributed to its frequent use as a laboratory
model and as a pet (Measey et al., 2012). Its capacity to success-
fully establish and disperse in various environments is due to be-
havioural and physiological traits such as generalist diet (Courant
et al., 2017), burrowing behaviour during the dry season (Balinsky,
Cragg, & Baldwin, 1961), and tolerance to a broad range of ther-
mal (Miller, 1982) and hydric conditions (Jokumsen & Weber, 1980).
Xenopus laevis is a principally aquatic and highly secretive amphib-
ian which has several anatomical and morphological adaptations
to the aquatic life-style (reviewed in Measey, 2016). Breeding calls
are emitted underwater and are only detected using hydrophones,
which severely limits species detection in water (Measey et al., 2012;
Vimercati, Davies, Hui, & Measey, 2017). Nevertheless, the species
has been reported to use hydrographic networks to disperse over-
land between ponds (Chaput-Bardy, Alcala, Secondi, & Vuilleumier,
2017; Fouquet & Measey, 2006; Measey, 2016), at the juvenile and
adult stages (Courant, 2017; De Villiers & Measey, 2017; Measey,
2016). Similarly to what has been observed in other invasive species
characterised by high elusiveness (Jari¢ et al., 2019), an established
alien population of X. laevis can remain undetected for years be-
fore any control action is undertaken (Measey et al., 2012; Sousa,
Mauricio, & Rebelo, 2018; Wang, Hong, & Measey, 2019). The
elusive nature of X. laevis probably explains why the influence of
landscape features on dispersal and establishment success of this
amphibian has never been investigated before the development of
eDNA techniques.

We carried out a systematic eDNA survey to determine the current
invasive range of the species in western France. The eDNA method for
X. laevis has been recently developed and was shown to detect the
species even at low density (Secondi, Dejean, Valentini, Audebaud, &
Miaud, 2016). Its efficiency was mostly attributed to the aquatic life
style of X. laevis at all stages (Secondi et al., 2016). We extended the
range of our survey beyond the known invasive range, because we
suspected that former surveys based on trapping and visual observa-
tions might have underestimated the actual colonised range. We used
the presence-absence dataset to test whether hydrographic and ter-
restrial landscape features predict species occurrence in a pond within
newly colonised areas. The chosen predictors were classically used to
explain presence-absence in other amphibian species. Because the
frog is aquatic, we expected that hydrographic landscape features
better predicted the occurrence of X. laevis than terrestrial landscape
features. The analysis was carried out at four spatial scales within the
range of dispersal distances reported for the species.
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2 | METHODS
2.1 | Historical records and sampling design

In western France, X. laevis was released from a breeding facility
into an artificial pond at the beginning of 1980s (Fouquet, 2001).
The species then spread into the surrounding ponds, remain-
ing virtually undetected until the early 2000s (Fouquet, 2001).
A study based on trapping surveys conducted between 2001
and 2004 estimated the invasive range to be approximately 200
km?, and concluded that ponds were mainly colonised through
overland dispersal (Fouquet & Measey, 2006). Since then, the
species was episodically detected outside the initial invasion
front (Fouquet & Measey, 2006) through trapping programmes
and anecdotal observations. However, no systematic survey has
been conducted to locate the entire invasion front of the popu-
lation. The invasive range is characterised by a high density of
agricultural water bodies, mostly cattle and irrigation ponds, in-
terspersed in a landscape of permanent and temporary pastures,
crop fields, and, to a lesser extent, woods. The high density of
water bodies (3.5 water bodies/km?) and the necessity to obtain
access to the private lands limit the systematic use of trapping.
In addition, trapping efficiency for X. laevis might vary depending
on population density, trapping season, depth and demographic
structure (Secondi et al., 2016), as reported for fish (Blaustein,
1989; Dawson et al., 2017) and crayfish (Policar & Kozak, 2005).

At the onset of our study, the invasive distribution of X. laevis in
western France was deduced from trapping, accidental fishing, and
visual observations. We compiled all available records in the scientific
and grey literature. Managers of natural reserves, fishing stakeholders
and local naturalists were contacted to confirm or discard historical
observations and add novel ones if needed. In total, we collected 906
records covering an area (minimum convex polygon) of 2,055 km?.
All records, apart from one unconfirmed visual observation, were re-
ported south of the Loire River. A cluster of three records appeared
distinct from the main range (18 km southward, see Figure 1) and
could be the result of an accidental human-mediated translocation.
Thus, we discarded these records to delimit the study area.

The initial database was used to determine our strategy for
eDNA sampling. Thirty radial lines separated by 12° were placed
across the colonised area. The introduction point of the population
(47°01'55.0"N; 0°17'59.7"W) (Fouquet, 2001) was used as the origin
for all lines. Transects were placed along these lines, starting from the
most peripheral colonised pond. Ponds were then sampled outward
along each transect with a step of 2-3 km. African clawed frogs were
observed to disperse up to 2.4 km/year in the South African native
range (De Villiers & Measey, 2017) and 3 km/year in the French inva-
sive range (Courant, 2017). We therefore assumed that the geographi-
cal shift between the known location of the front and its actual location
depended on the year of the last observation. We adjusted the length
of the transect in accordance with the year of the most recent obser-
vations. (<5 years = 10 km, 6-10 years = 20 km, >10 years = 30 km).
Additional ponds were sampled: (1) southward, to explore whether the

Freshwater Biology =AWY| I_,EYJ—3

species had colonised the area between the known invasive range and
the three distinct records; and (2) northward, to explore whether the
species has established north to the Loire River. In total, we sampled
235 ponds for eDNA which on average corresponded to 7-8 ponds

along each transect.

2.2 | Environmental DNA analysis

All ponds were sampled once between 02 May 2017 and 30 June 2017.
A sample consisted of 20 subsamples of 100 ml of pond water, which
were taken at 20 different points around the pond using a sterile sam-
pling scoop with a handle of 125 ml. Each sub-sample was poured into a
2-L Whirl-Pak® bag. The 2 L of sampled water were then homogenised
and filtered through a VigiDNA® filtration capsule (SPYGEN) using a
sterile 100-ml syringe directly in the field. The filter was filled with 80 ml
of CL1 conservative buffer (SPYGEN) and stored at room temperature.

DNA extraction was performed in a dedicated room for water DNA
sample extraction at Spygen molecular lab facility, which is equipped
with positive air pressure, UV treatment and frequent air renewal, fol-
lowing the protocol described in Pont et al. (2018). Before entering
this extraction room, personnel changed into full protective clothing
comprising disposable body suit with hood, mask, laboratory shoes,
overshoes, and gloves in a connecting zone. All benches were decon-
taminated with 10% commercial bleach before and after each manipu-
lation. For DNA extraction, each filtration capsule, containing the CL1
buffer, was agitated for 15 min on an S50 shaker (Ingenieurbtiro™) at
800 rpm and then the buffer was emptied into a 50-ml tube before
being centrifuged for 15 min at 15,000 x g. The supernatant was re-
moved with a sterile pipette, leaving 15 ml of liquid at the bottom of the
tube. Subsequently, 33 ml of ethanol and 1.5 ml of 3M sodium acetate
were added to each 50-ml tube and stored for at least one night at
-20°C. The tubes were centrifuged at 15,000 x g for 15 min at 6°C,
and the supernatants were discarded. After this step, 720 uL of ATL
buffer from the DNeasy Blood & Tissue Extraction Kit (Qiagen) was
added. The tubes were then vortexed, and the supernatants were trans-
ferred to 2-ml tubes containing 20 ul of Proteinase K. The tubes were
finally incubated at 56°C for 2 hr. Subsequently, DNA extraction was
performed using NucleoSpin® Soil (MACHEREY-NAGEL GmbH & Co.,
Duiren Germany) starting from step 6 and following the manufacturer’s
instructions. The elution was performed by adding 100 pl of SE buffer
TWice. Seventeen extractions of negative controls were performed to
monitor possible contamination. After the DNA extraction, the samples
were tested for inhibition by qPCR (Biggs et al., 2015). If the sample
was considered inhibited, it was diluted 5-fold before the amplification.

Quantitative polymerase chain reaction (qPCR) was performed in
a final volume of 25 pl, which included 3 pl of template DNA, 12.5 pl
of TagMan® Environmental Master Mix 2.0 (Life Technologies®),
6.5 pl of ddH20, 1 pl of primer SPY_XenLae_F (10 uM), 1 pl of primer
SPY_XenLae_R 5-AGGGTATAGAAAATGTAGCC-3' and 5'-FAM-
CGTCAGGTCAAG GTGTAGCA-BHQ1-3". and 1 pl of SPY_XenLae_
Probe (2.5 pM). Primer and probe were designed for the 12S gene
and validated in Secondi et al. (2016). Each sample was run in 12
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FIGURE 1 Distribution map of invasive Xenopus laevis population in western France obtained from historical data and this study’s
environmental DNA (eDNA) survey. The Loire River and other main waterways are represented

replicates. The tubes containing the eDNA samples were then sealed,
qPCR standards were added to the gPCR plate in a separate room
from the eDNA extraction room. A dilution series of X. laevis DNA
(10t to 1074 ng/pl) was used as a qPCR standard (two replicates per
concentration). Twelve negative (ddH,O water) controls were added
during the qPCR step. Quantitative polymerase chain reaction runs
were performed in a third room, dedicated to amplified DNA analysis
with negative air pressure and physically separated from the eDNA
extraction room. Samples were run on a CFX96 Touch real-time PCR
detection system (BIO-RAD®), under thermal cycling at 50°C for
5 min and 95°C for 10 min, followed by 55 cycles of 95°C for 30 s
and 51.3°C for 1 min. Environmental DNA detection rate was calcu-
lated as the number of positive gPCR amplifications (qPCR replicates)
over the total number of qPCR replicates. All negatives extraction
and gPCR negatives controls resulted negatives after the analysis.
According to the results of a pilot study in which the species presence
detected by eDNA was ascertained by trapping (Secondi et al., 2016),

we considered X. laevis present in a pond when at least one of the 12

replicates was positive.

2.3 | Landscape analysis

We used only presence-absence data from the eDNA survey for
the landscape analysis. We included all ponds where the species
was detected. For absences, we selected only ponds within 4 km
from a colonised pond. This figure corresponds to the dispersal
distance which best predicted the colonisation of the Loire river
drainage by X. laevis according to Chaput-Bardy et al. (2017). We
therefore selected ponds that can be theoretically reached from a
colonised pond. By doing so, we also discarded absence ponds that
are well outside the invasive ranges, and therefore which cannot
currently be colonised by the frog even if the surrounding land-
scape would allow it.
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To take into consideration the potential occurrence of spatial au-
tocorrelation between ponds, we used Moran's eigenvectors maps
(MEMs), which are derived from latitude and longitude coordinates
and model spatial patterns at different scales (Borcard & Legendre,
2002). Firstly, pond geographic coordinates were used to build a ma-
trix of Euclidean distances among ponds. The matrix was truncated
using a threshold which retains only the distance between close neigh-
bours while keeping all ponds connected (Borcard & Legendre, 2002).
Secondly, orthogonal eigenvectors were obtained by computing a prin-
cipal component analysis of the truncated distance matrix. Only eigen-
vectors modelling positive spatial correlation, i.e. having Moran'l higher
than the expected Moran’l under the null hypothesis, were retained
(Borcard & Legendre, 2002). These MEMs were: (a) ranked in descend-
ing order based on their eigenvalues; (b) named in ascending order start-
ing from 1; and (c) arbitrarily grouped in broad-scale (the first half of
MEMs, which have large eigenvalues) and fine-scale MEMs (the second
half of MEMs, which have small eigenvalues). Lastly, forward stepwise
selection of logistic regression models was used to select MEMs which
best predicted presence-absence of X. laevis in the ponds at broad and
fine spatial scales. To confirm the selection of MEMs, we also perform a
penalised LASSO logistic regression on the same dataset at broad and
fine spatial scales. Penalised LASSO logistic regression has an advan-
tage over more classical selection procedures (such as forward and step-
wise selections) to keep only the most significant variables in a logistic
regression model characterised by multiple variables (Tibshirani, 1996).

For each pond, we used QGIS (http://www.qgis.org/) to mea-
sure the following variables in buffers of radius 100, 250, 750, and
2,000 m: pond area (m2), number of proximal ponds, cumulative
area of proximal ponds (m?), cumulative length of streams and riv-
ers (m), cover (%) of forest, grass (prairies and pastures) and, crop.
These environmental variables are classically used to predict the
occurrence of amphibian species in ponds (Collins & Fahrig, 2017,
Peterson, Richgels, Johnson, & Mckenzie, 2013; Signorelli, Bastos,
De Marco, & With, 2016), and are also hypothesised to play a role
in X. laevis dispersal behaviour (Measey et al., 2012). Hydrographic
and land use data were obtained, respectively, from BD Topo® and
Registre Parcellaire Graphique reference maps provided by the
French National Geographic Institute. For each pond and buffer, we
also calculated the average topographic wetness index (TWI), which
estimates the potential water accumulation of each pixel in a water-
shed. Topographic wetness index data were obtained from Besnard,
La Jeunesse, Pays, and Secondi (2013), who computed the index for
the whole Loire catchment at a resolution of 50 m. The four buffers
were chosen to correspond to the frequent short-distance dispersal
events (100 and 250 m) and sporadic cases of long-distance disper-
sal (750 and 2,000 m) following De Villiers and Measey (2017), who
described the species dispersal kernel in the native range.

2.4 | Statistical analysis

All analyses and visualisations were performed using R version 3.4.3
(R Development Core Team, 2017). Moran’s eigenvectors maps were
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computed using the dbmem function in the package adespatial (Dray
et al,, 2016). Penalised LASSO logistic regression on MEMs was
computed using the package glmnet (Friedman, Hastie, & Tibshirani,
2018). The environmental variables were transformed, when nec-
essary, to reduce skewness and kurtosis. Pearson’s rank correlation
coefficient was calculated, separately for each buffer size, to iden-
tify highly correlated (20.7) environmental variables. The only two
strongly correlated variables were the number of proximal ponds and
the cumulative area of proximal ponds for 100- and 250-m buffers
(see Table S6). However, variance inflation factor analysis showed no
significant multicollinearity (all variance inflation factor values <4)
between variables at all spatial scales. Thus, all environmental vari-
ables were retained for the next analytical step. To determine which
combination of environmental variables best predicts occurrence of
X. laevis in a pond, we computed models at each buffer size for all
combinations of variables including the previously selected MEM
as covariables. This set of models is hereafter defined as the with
MEMs group (total number of models = 256), where the null model
includes only the selected MEMs (in the following referred as MEM
null model).

Some models might better predict occurrence when only part
of the spatial structure, i.e. not all selected MEMs, is included. We
therefore carried out a second procedure at each buffer size where
the selected MEMs could be dropped as any other variable. This set
of models are hereafter defined as the intercept only group (total
number of models = 8,192), where the null model includes only the
intercept.

In any case, the model with the best fit for a given buffer size was
identified using Akaike information criterion (AlC), adjusted for small
sample size (AlCc). Some models could similarly outperform the null
model without significantly differing each other in terms of AlCc.
Thus, all models having a similar level of AlCc support (AAICc < 2)
were retained for model averaging to estimate the relative impor-
tance of each environmental variable using the package MuMin
(Barton, 2009). Model averaging was conducted by using both with
MEMs and intercept only groups.

3 | RESULTS

Xenopus laevis was detected in 55 out of 234 sampled ponds (23.5
%, see Table S1), including some of the most peripheral ponds
of the transects (Figure 1). The species was also found north of
the Loire River in two different locations >50 km apart (Figure 1),
which suggest that frogs may have repeatedly crossed the river.
At the southern edge, X. laevis was also detected along a river be-
tween the formerly known range and the three most peripheral
occurrences (pale violet dots in Figure 1). Hence, natural dispersal,
and not necessarily human translocation, may have promoted the
colonisation of the southernmost pond cluster. The shift of the
range front as observed with eDNA data is 13.8 + 6.9 km (aver-
aged over the 30 transects). By discarding all ponds further away
than 4 km from colonised ponds, we retained 71 ponds where the
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species was considered as absent, i.e. not detected using eDNA
(Table S1).

In total, 27 MEMs showed positive autocorrelation, i.e. a Moran’l
higher than the expected Moran’l under the null hypothesis.
According to the forward stepwise procedure of model selection,
only five MEMs were kept in the best models predicting presence-
absence: two represented the broader spatial scale (MEM9, MEM13)
and three the finer spatial scale (MEM16, MEM21, MEM24). The
model that included only these five MEMs (MEM null model, Table 1)
performed significantly better than the null model with intercept
only (AAICc = 5.5). The five MEMs were also selected by the pe-
nalised LASSO logistic regression. Thus, these MEMs were used as
spatial covariables in the logistic regression along with the environ-
mental variables.

Within a buffer of 100 m, the best model included only TWI
but this model did not perform better than the MEM null model
(AAICc = 0.74, Table S2). Thus, we did not conduct model averag-
ing at this buffer size. Within a buffer of 250 m, the best model in
the with MEMs group included TWI and grass cover and provided a
better fit than the MEM null model (AAICc = 4.4, Table 1). The same
model was also selected as best fit model in the only intercept group
(data not shown). The importance of TWI and grass cover was con-
firmed through multi-model inference. Across all models having a
similar level of AlCc support in the with MEMs group, TWI had the
highest importance among all environmental variables (sum of Akaike

weights = 1.0, Table 2), while grass cover was notably more important
than the remaining variables (sum of Akaike weights = 0.78, Table 2).
The importance of TWI and grass cover was even higher across all
models having a similar level of AlCc support in the intercept only
group (Table S5). Topographic wetness index and grass cover nega-
tively predicted the presence of X. laevis in a pond (Table 2; Table S5,
Figures 2 and 3). At the two larger buffer size, 750 and 2,000 m, the
most parsimonious model was the MEM null model (Table S3 and
Table S4). As a consequence, model averaging was not conducted at
these two buffer sizes.

4 | DISCUSSION

We used eDNA to survey the invasive population of X. laevis in a sys-
tematic way beyond its formerly known range in western France to de-
termine the current range and identify landscape variables that locally
favour the colonisation of new ponds. By using this approach, we aimed
to reduce the frequency of false negatives and enhance detection at low
density, an expected situation in sites recently colonised at the invasion
front. We detected presence in ponds located well beyond the known
range limits (Figure 1). Our results suggest that the invasive range has
been largely underestimated. The population has reached the northern
bank of the Loire River (Figure 1). It was assumed that this large river
was a barrier to the dispersal of X. laevis but our results suggest that it

TABLE 1 Change in Akaike information criterion, adjusted for small sample size (AAICc) and associated measures from all competing
logistic regression models (AAICc < 2) predicting the occurrence of Xenopus laevis in a pond at a buffer size of 250 m as estimated by
environmental DNA survey in western France. The best model (in bold) and the competing models were selected among all possible
combinations of models with environmental variables as explanatory variable and Moran’s eigenvectors maps (MEMs) as covariables (with
MEMs group, n = 256). Delta AIC_and associated measures from MEM null model (intercept + 5SMEMs) are also reported. TWI, topographic

wetness index

Competing models K

TWI + grass cover 8
TWI + grass cover + forest cover 9
TWI + crop cover + forest cover 9
TWI + forest cover 8
TWI + grass cover + area of proximal ponds 9
TWI + grass cover + number of proximal ponds 9
TWI + grass cover + forest cover + pond area 10
TWI + grass cover + crop cover + pond area 10
TWI + grass cover + forest cover + area of proximal ponds 10
TWI 7
TWI + grass cover + pond area 9
TWI + grass cover + crop cover + area of proximal ponds 10
TWI + forest cover + pond area 9
TWI + grass cover + forest cover + number of proximal 10

ponds

TWI + grass cover + forest cover + crop cover 10
TWI + area of proximal ponds + forest cover 9
MEM null model 6

LL AlCc AAICc Cum.Wt
-73.17 163.58 0 0.11
-72.1 163.77 0.19 0.21
-72.15 163.87 0.3 0.3
-73.34 163.93 0.35 0.39
-72.42 164.41 0.83 0.46
-72.53 164.62 1.04 0.53
-71.45 164.84 1.26 0.58
-71.46 164.86 1.28 0.64
-71.6 165.13 1.55 0.69
-75.1 165.16 1.59 0.74
-72.84 165.25 1.67 0.79
-71.7 165.34 1.76 0.83
-72.9 165.37 1.79 0.88
-71.75 165.44 1.86 0.92
-71.82 165.56 1.99 0.96
=7/ 165.57 1.99 1
-77.66 168.02 4.44
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TABLE 2 Variable importance (sum of weights) and model-
averaged coefficients from all competing logistic regression models
(AAICc < 2, n = 16) predicting the occurrence of Xenopus laevis in a
pond at a buffer size of 250 m as estimated by environmental DNA
survey in western France. The competing models were selected
among all possible combinations of models with environmental
variables as explanatory variable and Moran'’s eigenvectors maps
(MEMs) as covariables (with MEMs group, n = 256). Statistically
significant results are in bold (x = 0.05). TWI, topographic wetness
index

Variable Importance  Estimate  SE zvalue  Pr(>|z])
Intercept 12.30 493 2.47 0.014
TWI 1.00 -0.89 0.36 24 0.016
MEM13 1.00 0.38 0.24 1.5 0.124
MEM16 1.00 0.53 0.24 2.20 0.028
MEM21 1.00 -0.45 0.21 212 0.034
MEM24 1.00 -0.30 0.22 1.37 0.172
MEM9 1.00 -0.50 0.23 212 0.034
Grass 0.78 -1.33 1.10 1.20 0.230
cover
Forest 0.46 0.41 0.61 0.67 0.502
cover
Crop 0.24 -0.31 0.75 0.41 0.684
cover
Area of 0.21 0.03 0.09 0.34 0.734
proxi-
mal
ponds
Pond 0.21 -0.09 0.26 0.34 0.735
area
Number 0.11 0.01 0.05 0.24 0.813
of
proxi-
mal
ponds
River NA NA NA NA NA
net-
work
length

Note: NA = the variable was not present in the set of competing models
(AAICc < 2).

may have only delayed its spread. An analogous conclusion has been
recently reached for another alien amphibian invading the northern Po
plain in Italy, the Balkan frog (Pelophylax kurtmuelleri), which contrary to
some previous expectations it is now predicted to cross the Po river in
some of its tracts (Falaschi, Mangiacotti, Sacchi, Scali, & Razzetti, 2018).
Additionally, a recent study which modelled the potential distribution
of X. laevis in western France by using bioclimatic data, showed that
the maximal expected invasive range is much larger than our updated
range (Rédder et al., 2017). The capacity of the species to cross major
watercourses raises concerns about the occurrence of natural barriers
to the expansion of X. laevis in western Europe.

Contrary to our expectations, the density of the hydro-
graphic network around the ponds did not significantly affect the
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colonisation process at all buffer sizes. This seems to contradict
previously published works, which hypothesised that lotic systems
may facilitate dispersal between ponds (Chaput-Bardy et al., 2017;
Fouquet & Measey, 2006; Measey, 2016; Vimercati et al., 2017),
and the observation that X. laevis successfully breeds in streams in
Portugal (Moreira, Marques, Sousa, & Rebelo, 2017). The density
of the hydrographic network might thus not be a good predictor
of connectivity, if, for example, a straight stream flowing between
ponds facilitates the dispersal of individuals. The importance of
hydrographic networks in explaining connectivity and biodiversity
patterns depends on several factors such as the species dispersal
mode, landscape type, land use, topography, and biotic interactions
(reviewed in Tonkin et al., 2018). The contribution of these factors
to connectivity is important in fully aquatic species such as fish or
aquatic invertebrates and in hydrochloric plants dispersing in mesic
environments, i.e. where streams, rivers, and riparian habitats are
the dispersal main corridors. Conversely, such a contribution is lim-
ited in species that disperse overland away from the watercourse
(e.g. many aquatic insects at the adult stage, or anemochoric plants)
or disperse across arid areas, i.e. where the river network can be
seasonally highly fragmented (Tonkin et al., 2018). As most factors
discussed above have never been investigated in X. laevis, future
field studies are needed to determine to what extent lotic systems
affect species dispersal at different spatial scales in this amphibian.

The environmental variables that best predicted the presence
of X. laevis in a pond were TWI and grass cover within a buffer of
250 m. A pond was less likely to be colonised if the surrounding
landscape was characterised by high grass cover and a high TWI.
The negative effect of grass cover could reflect the peculiar over-
land dispersal behaviour of the species rather than actual habitat
preferences. Landscape features may affect locomotor perfor-
mance and behavioural dispersal, for example if mechanical resis-
tance to displacement varies between substrates (Stevens et al.,
2004). Recent laboratory experiments showed that juveniles, sub-
adults, and adults of in X. laevis move significantly faster on asphalt,
bare soil, and forest litter than on grass (G. Vimercati, unpublished
data). Analogously, experimental and landscape genetic data ob-
tained in other species of frogs (Cline & Hunter, 2016; Nowakowski
et al., 2015; Stevens et al., 2004) and salamanders (Wang, Savage,
& Bradley Shaffer, 2009) found that dispersal costs were highest in
grassland habitats. Landscapes characterised by permanent grass
cover (e.g. meadows and pastures) could hinder dispersal and pond
colonisation in X. laevis more than less resistant types of land use
such as crop fields and forests. This hypothesis should be further
tested using field experiments or landscape genetics, also consid-
ering that a negative effect of grass cover on X. laevis presence is
notably less supported by our data than the effect of TWI on the
same dependent variable.

The robust negative relationship between TWI and X. laevis oc-
currence is less straightforward. As TWI measures potential water
accumulation (Kirkby & Beven, 1979), higher TWI values should pre-
dict higher probabilities to detect amphibians (Peterman & Semlitsch,
2013; Romano et al.,, 2017). Instead, we observed lower probabilities
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of pond colonisation by X. laevis at higher values of TWI. This counter-
intuitive result could reflect changes in the risk-benefit ratio of leaving
a pond across different landscapes (Tonkin et al., 2018). In dry areas
(low TWI), X. laevis dispersal propensity should be reduced, because
overland movements may increase mortality and be restricted to sit-
uations where food is no longer available or the pond has dried. In
wet areas (high TWI), the probability of a pond drying is null or very
low, and the risk of dispersal may be higher than the risk to stay in the
pond. In areas characterised by intermediate pond hydroperiod (me-
dium TWI), by contrast, leaving a drying pond is less risky and dispersal
events may be more frequent than in both arid and mesic areas. A sim-
ilar compensatory behaviour has been observed in the western slimy
salamander (Plethodon albagula), where very high and very low values
of TWI predicted higher landscape resistance, and thus lower gene
flow between populations (Peterman, Connette, Semlitsch, & Eggert,
2014). Analogously, a quadratic relationship between wetness and oc-
currence probability has been detected in the giant burrowing frog
(Heleioporus australiacus) (Penman, Mahony, Towerton, & Lemckert,
2007). Slimy salamanders and giant burrowing frogs are terrestrial spe-
cies which withstand moderate levels of dehydration and avoid areas
subjected to flood. In spite of its principally aquatic lifestyle, X. laevis
may sustain high locomotor performance across a broad range of des-
iccating conditions (Vimercati, unpublished data). Numerous cases of
dispersal compensatory behaviours have been described across differ-
ent taxonomic groups such as birds, mammals, amphibians, and insects
(Knowlton & Graham, 2010). Future studies should thus be conducted
across different habitats to investigate whether X. laevis increases its

FIGURE 2 Three-dimensional logistic
regression curve depicting the presence
probability for invasive Xenopus laevis as
a function of topographic wetness index
and grass cover within a buffer of 250 m
as estimated by environmental DNA
survey in western France. Dots represent
presence-absence data obtained during
the survey and used to fit the logistic
regression model

dispersal propensity through compensatory behaviour in areas of in-
termediate TWI values. Particular attention should be paid to the joint
influence of the spatial distribution of ponds and their hydroperiod.

In addition, TWI is unlikely to reach very low values in west-
ern France. Thus, we may have only sampled the upper part of
the TWI range corresponding to the decreasing part of the qua-
dratic relationship between TWI and presence probability. A large
proportion of absences in the higher TWI class were detected in
the floodplain of the Loire River. This is a peculiar ecosystem sub-
jected to regular floods, an unusual feature for a southern African
frog. In addition to the specific hydrological and sedimentary dy-
namics, fishes remain in ponds after the flood, and many of these
habitats dry out in summer. The extinction rate of populations in
these ponds could thus be higher than in non-flooded areas, a con-
dition that can also occur around smaller rivers. Additionally, it is
common to observe large ponds close to watercourses, i.e. in the
lower areas of the surrounding landscape. These ponds are used
as reservoirs or for recreational activities and are usually stocked
with fishes. Conversely, smaller agricultural ponds are widespread
across the TWI range and often lack fishes. Therefore, the neg-
ative effect of TWI on pond colonisation could be mediated by
correlated unmeasured variables at the pond scale. While fish
presence and pond hydroperiod play a role in predicting site occu-
pancy of other species of amphibians (Amburgey, Bailey, Murphy,
Muths, & Funk, 2014; Fuller, Pope, Ashton, & Welsh, 2011; Pitt et
al., 2017), their effects on X. laevis presence in a pond are yet to
be tested.
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FIGURE 3 Map of topographic wetness index (TWI) computed by Besnard et al. (2013) for western France. Dots represent presence-
absence data for invasive Xenopus laevis as estimated by environmental DNA (eDNA) survey and used in the landscape analysis, where
colours represent mean TWI calculated within a buffer of 250 m at each sample location. Colour scale is subdivided in six quantiles of 21
eDNA samples each to highlight the negative relationship between TWI and X. laevis presence (black dots) within a buffer of 250 m

Alternatively, if the detection probability of X. laevis by eDNA
varies with environmental factors such as water depth, tempera-
ture, and sediment type as in other species of amphibians (Buxton
et al., 2017; Smart et al., 2016), a correlation between these fac-
tors and TWI could lead to wrongly interpret the role of TWI in
predicting X. laevis occupancy. Although we cannot entirely rule
out this last hypothesis, it seems improbable considering that
both TWI and grass cover successfully predicted occupancy only
at 250-m buffers. This distance is consistent with the species
dispersal kernel observed in South Africa (De Villiers & Measey,
2017), which predicts that most adults should move within 0 and
500 m with a frequency peak around 200 m. Assuming that pond
colonisation in western France is mainly promoted by frequent
short-distance dispersal events, a direct effect of grass cover and
TWI on the species dispersal dynamics seems thus the most par-
simonious explanation.

Our work stresses the importance to conduct landscape anal-
ysis across multiple spatial scales. In amphibians, environmental,
behavioural, and physiological factors influence site occupancy
and abundance only at specific spatial scales (Semlitsch, 2008;
Semlitsch & Bodies, 2003). In the Borel plains of Canada for ex-
ample, landscape variables best explained abundance at a 1,000-m
scale in the boreal chorus frog (Pseudacris maculata), and at a 100-m
scale in the western toad (Anaxyrus boreas) (Browne, Paszkowski,
Foote, Moenting, & Boss, 2009). Target species may respond to
small- or large-scale habitat changes in a species-specific manner.
Identifying the most appropriate spatial scale for predicting their
occupancy and abundance is therefore essential to develop ade-
quate conservation plans (Browne et al., 2009; Semlitsch & Bodies,
2003). Interestingly, the same rationale can be applied to the man-
agement of invasive species. The identification of the spatial scale
at which colonisation occurs may have a tremendous influence on
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our capacity to adopt effective and efficient management counter-
measures (Foxcroft, Richardson, Rouget, & MacFadyen, 2009;
Weaver, Conway, & Fortin, 2012). Among other options, one could
envisage to artificially modify the invaded landscape in order to halt
the spread of an invasive species. Such a solution has been recently
proposed to tackle the invasion of the cane toad (Rhinella marina) in
Australia (Tingley et al., 2013). In X. laevis, dispersal might be locally
impaired by promoting around the ponds land use types associated
with high mechanical resistance to displacement, such as meadows
and pastures. However, we suggest that this management counter-
measure should be only adopted at a buffer of 250 m. According to
our results, the adoption of the same management countermeasure
at smaller (e.g. 100 m) or larger spatial scales (e.g. 750 m) would be,
respectively, ineffective or inefficient.

In conclusion, using an eDNA survey we showed that TWI and
grass cover measured within a 250-m buffer were the best predic-
tors of pond colonisation by X. laevis in western France, and that the
invasive range of the population has been largely underestimated.
Therefore, our approach was valuable not only to estimate the inva-
sive range of an elusive species but also to identify landscape features
that may influence site occupancy. This information: (1) provides
novel insight into the understanding of the colonisation process of
this invasive amphibian; and (2) is pivotal to design effective manage-
ment countermeasures that could disrupt colonisation at the front of
the invasive range or prevent access to sites of particular ecological
value. Our study highlights the usefulness of eDNA surveys to ad-
dress wider questions than mapping distribution. A clear advantage
of the method over classic trapping is to enhance feasibility of large-
scale surveys for elusive aquatic species in ponds, because sampling
water requires less time and no specific permit, and makes owners
less reluctant to give access to their land. Ecological data obtained
through such surveys will certainly prove increasingly useful for
species distribution modelling, habitat selection, and connectivity
studies.
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